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Abstract 3 
To resist the modern global decline of biodiversity, proactive conservation efforts are 4 
crucial to bolster species persistence before local extinctions become inevitable. Such 5 
extirpations of species have become increasingly common in fragmented landscapes resulting 6 
from land-use change. Amphibians are especially threatened by this biodiversity crisis as they 7 
are particularly sensitive to environmental change.  Reintroduction by translocation is one 8 
method for re-establishing populations, although there has been limited research of such 9 
conservation efforts. To address this knowledge gap, we assessed two reintroduced populations 10 
of wood frogs (Lithobates sylvaticus) within isolated habitat patches that have been monitored 11 
annually for over a decade. The populations followed vastly different trajectories, with one 12 
(Sharon Woods Metro Park) increasing dramatically in population size and the other (Blacklick 13 
Woods Metro Park) declining to a consistently small breeding population. Our results indicate 14 
that the reintroduced populations have higher embryo non-viability rates, are larger on average as 15 
adults, and tend to produce larger egg masses when compared to their source population (Clear 16 
Creek Metro Park). These trends were especially prominent at Blacklick Woods, the site of the 17 
lowest breeding population size. Yet despite the population bottlenecks resulting from 18 
reintroduction, neither of the reintroduced populations shows a significant reduction in genetic 19 
diversity or high levels of differentiation. Results from this study suggest that demographic 20 
histories of reintroduced populations can directly impact important life history traits, potentially 21 




at the scale of this study. Future translocation attempts may benefit from additional 23 
supplementation over time to support the newly established population, but lack of severe 24 
genetic consequences is promising for the future of reintroduced populations.  25 
Introduction  26 
The most significant driver of current global extinction events is anthropogenic land-use 27 
conversion resulting in habitat loss and fragmentation (Pimm & Reven, 2000; Pimm et al., 2014; 28 
Foley et al., 2005). Fragmentation can create isolated habitat patches surrounded by a matrix of 29 
low-suitability landscape that serves as a barrier to dispersal – this essentially transforms habitat 30 
patches into islands for the species inhabiting them (Haila, 2002). Increased isolation and 31 
decreased patch area escalate the likelihood of local extinction (Fahrig, 2002). Moreover, 32 
increased isolation reduces the ability of species with low vagility to successfully disperse to 33 
other patches, reducing the possibility for potential recolonization or rescue (Brown & Kodric-34 
Brown, 1977), and decreasing habitat area results in a lower population size (Bender et al., 35 
1998). Small population size and barriers to dispersal increase the threat of descent into an 36 
extinction vortex in which the reinforcement among biotic and abiotic factors drives populations 37 
in a downward spiral towards extinction (Reed, 2004; Blomqvist et al., 2010; Gilpin & Soulé, 38 
1986). As landscapes become increasingly fragmented, conservationists are faced with the 39 
challenge of preserving populations within patches to ensure longevity (Wilcove et al., 1986).  40 
Fragmentation can also impact population health by disrupting gene flow between 41 
adjacent populations and sub-populations. Gene flow may increase a population’s genetic 42 
diversity by contributing novel alleles to a population’s gene pool as well as preventing genetic 43 




associated negative effects on population genetics is of concern for many taxa of conservation 45 
concern (Spielman et al., 2004). 46 
An associated conservation issue is inbreeding in small, isolated populations, as it 47 
increases homozygosity in the offspring. This may be problematic when heterozygotes are more 48 
fit than both homozygous types, and/or when deleterious recessive alleles are exposed in 49 
homozygous recessive individuals (Edmands, 2007). The fitness consequences of high 50 
homozygosity under either of these hypotheses suggests that highly inbred populations may face 51 
a higher risk of extinction.  52 
Reduced genetic diversity due to restricted gene flow can furthermore decrease a 53 
population’s ability to adapt to environmental change or resist novel diseases, as adaptation is 54 
dependent on standing genetic variation (Reed & Frankham, 2003). Adaptive variation may be 55 
crucial for populations facing habitat fragmentation as they may be forced into new or altered 56 
habitats with altered species assemblages (Jump et al., 2009). Thus, preserving genetic diversity 57 
within and between populations is a highly relevant goal for species conservation (Engelhardt et 58 
al., 2014). 59 
The trajectory of small wild populations may be especially influenced by the stochastic 60 
effects of both inbreeding and genetic drift (Keller & Waller, 2002). Small population size 61 
necessitates a higher degree of relatedness between interbreeding individuals, and genetic drift 62 
has a more extreme effect on small populations (Kimura, 1995). Therefore, small populations 63 
may be especially at risk of extinction as the demographic stochasticity associated with small 64 
population size is compounded by greater threats of reduced fitness from genetic factors 65 




Amphibians are the most at-risk taxa in the global biodiversity crisis due to a plethora of 67 
reasons, including life history and dispersal traits that make them less tolerant to habitat 68 
degradation (Stuart et al., 2004). Amphibians tend to be poor dispersers and/or move short 69 
distances, fluctuate drastically in population size, and exhibit site fidelity, all of which contribute 70 
to their sensitivity to habitat loss and fragmentation (Blaustein et al., 1994). Conservation efforts 71 
to reestablish extirpated populations are likely to be critical in slowing or reversing their 72 
declines.  In North America, local amphibian populations are experiencing an alarming average 73 
rate of decline of 3.79% from metapopulations per year (Grant et al., 2016). Furthermore, 74 
amphibian species of Least Conservation Concern have experienced declines of 2.7% each year, 75 
suggesting even the most abundant species are at risk (Adams et al., 2013).  76 
Species translocation may be essential to reintroduce amphibian populations and promote 77 
local population persistence (Marsh & Trenham, 2001). In fragmented habitats, amphibians are 78 
unlikely to be able to disperse sufficiently to recolonize a habitat patch without human 79 
intervention (Blaustein et al., 1994). However, there is a deficiency of literature investigating 80 
amphibian translocation (Seigal & Dodd, 2002; Dodd & Seigal, 1991; Germano & Bishop, 81 
2009), and many questions remain regarding best practices. For example, how often should 82 
translocations occur to successfully establish a robust, self-sustaining population, and with how 83 
many individuals? What geographic considerations are required for source populations? 84 
Attention to genetic and demographic considerations are scarce, effectiveness and success rates 85 
are unclear, and protocols are generally absent (Marsh & Trenham, 2001; Dodd & Seigal, 1991). 86 
This lack of understanding generates concern for wildlife managers given that translocation 87 
success rates for vertebrates across all taxa appear quite low, especially in amphibians (Fischer & 88 




management tool, it is imperative to more critically evaluate the science behind the translocation 90 
process. 91 
The wood frog (Lithobates sylvaticus) is the most widely distributed native anuran 92 
species in North America (Dodd, 2013). In Ohio, their range covers over two-thirds of the state, 93 
and they are not considered a species of concern (IUCN, 2021). Nonetheless, they have been 94 
extirpated from numerous areas in the central Ohio region due to habitat loss and alteration, 95 
primarily because of urban development. Throughout the latter half of the 20th century, central 96 
Ohio (specifically Franklin County, which includes Columbus, the state capitol) experienced a 97 
massive increase in human population growth and, subsequently, urban development. From 1950 98 
to 1975, the Franklin County population grew from ~500,000 to ~800,000 people, and then to 99 
over one million by the turn of the century (U.S. Census Bureau, 1950; U.S. Census Bureau, 100 
1975; U.S. Census Bureau, 2000). Blacklick Woods Metro Park and Sharon Woods Metro Park, 101 
both part of the Columbus and Franklin County Metro Parks, historically contained populations 102 
of wood frogs until the early 1970’s (TEH, personal observation), after which no individuals 103 
have been documented. These areas have been naturally reforested since their conversion to 104 
parks, but functionally both are islands surrounded by urban development (Fig. 1). To 105 
reintroduce the species, wood frog egg masses were collected from the robust population at Clear 106 
Creek Metro Park and translocated among Sharon Woods and Blacklick Woods in the spring of 107 
2006 and 2007 (TEH). Following the translocations, all potential breeding pools have been 108 
surveyed annually at both sites. While they both had very similar initial founding populations, 109 
the total number of egg masses each year at Blacklick Woods has never exceeded 63 (mean=39) 110 




averaged 337 egg masses per year, with a range of 31 to 763, indicating that Blacklick Woods 112 
and Sharon Woods have substantially different carrying capacities (Fig 2).  113 
This repatriation and monitoring effort provides the basis for the current study, where we 114 
seek to understand the demographic and/or genetic differences that emerge between source and 115 
reintroduced populations. Specifically, we compare adult body mass, egg mass size, and embryo 116 
non-viability between the source and repatriated populations.  117 
We additionally use 3RAD sequencing and population genomics to investigate potential 118 
impacts of translocation on genetic diversity, heterozygosity, inbreeding, and drift. Analysis of 119 
allelic variation at a diversity of loci can provide insight into genomic consequences of 120 
population founders and decrease in population size (Andrews et al. 2016). By assessing these 121 
parameters, in conjunction with demographic data, we can evaluate and compare the potential 122 
fitness of each population, which is critical for maximizing the success of future translocations of 123 
at-risk species. 124 
Methods 125 
The three study sites are part of the Columbus and Franklin County Metro Parks system 126 
(Fig. 1a). The source site, Clear Creek Metro Park, is located in Hocking County, Ohio. The park 127 
contains 2,145 hectares comprised of a wide diversity of landscape forms including ravines, 128 
prairie, wetlands, and forested habitat, surrounded by continuous woodland (Fig. 1d). Forested 129 
areas are characterized by lowland and ravine hemlock forests, with a mix of xeric oak-hickory 130 
and mesic mixed hardwood forests in the uplands. The amount of suitable habitat, which we 131 
broadly characterized by forested area, amounted to 2,084 hectares, or 97% of the park’s total 132 




are both located in Franklin County, Ohio. Sharon Woods Metro Park encompasses 308 hectares 134 
of grassland and upland woodlands dominated by oak, hickory, and beech, along with numerous 135 
vernal pools. It is, in essence, an isolated habitat island due to being surrounded by urban 136 
development (Fig. 1b). The amount of suitable habitat amounted to 220 hectares, or 71% of the 137 
park’s total area. Similarly, Blacklick Woods Metro Park is 260 hectares, of which 95 hectares is 138 
a golf course, and is completely encompassed by urban development (Fig. 1c). It contains a vast 139 
swamp forest with expansive buttonbush wetlands and limited upland habitat, dominated by 140 
beech-maple and oak. The amount of suitable habitat amounted to 111 hectares, or 43% of the 141 
park’s total area.  142 
During the spring of 2006, 180 wood frog egg masses were translocated from Clear 143 
Creek and distributed among Blacklick Woods and Sharon Woods (90 egg masses placed evenly 144 
among two vernal pools within each park). The following year, the same process was repeated 145 
with 525 egg masses, 270 of which were placed among five pools in Sharon Woods and 255 146 
among three pools in Blacklick Woods. Since these initial translocations, yearly surveys of egg 147 
masses in potential breeding pools have been conducted each spring, beginning in 2008 when the 148 
first signs of breeding were observed (Fig. 2). These surveys solely assessed the number of egg 149 
masses within each park until 2019 when we began this study. 150 
We assessed three parameters that have potential to influence population demographics at 151 
Clear Creek, Blacklick Woods, and Sharon Woods: adult body size, egg mass size, and egg 152 
viability. Female wood frogs lay 300-1500 eggs that cluster and fuse together into a single egg 153 
mass (Meeks & Nagel, 1973; Berven, 1982; Corn & Livo, 1989). A single mass provides an 154 




estimating population size (Crouch & Paton, 2000). Larger females tend to produce more eggs 156 
per mass, which positively correlates with the number of offspring that successfully 157 
metamorphose (Berven, 1982; Gibbons & McCarthy, 1986; Berven & Grudzien, 1990). 158 
Similarly, low embryo viability decreases the proportion of eggs that hatch and potentially 159 
metamorphose. More offspring successfully metamorphosing increases potential surviving 160 
individuals that contribute to the breeding population. We characterized embryos that failed to 161 
develop by a discolored and cloudy appearance, likely due to mold (Karracker & Ruthig, 2009), 162 
as well as lack of developmental when compared to other embryos within the mass. 163 
In the spring of 2019, we captured adult wood frogs during the onset of breeding from 164 
each site using collapsible minnow traps and weighed each frog with a digital balance to the 165 
nearest 0.1 g. Due to a limited capture of females, we used 25 males from each site for 166 
subsequent analysis. After females deposited their eggs, we evaluated egg mass sizes by placing 167 
each mass (25 from Clear Creek and Sharon Woods, 22 from Blacklick Woods due to camera 168 
error) into white dissecting trays, and gently flattening them with clear plexiglass. We took an 169 
image of each and, using ImageJ (Schneider et al., 2012), digitally counted the number of eggs in 170 
each mass. We determined egg viability by repeating the flattening process and photographing 171 
25 different egg masses from each site roughly 10 days after oviposition to establish the 172 
proportion of embryos that were failing to develop. We compared demographic data between 173 
reintroduced sites and to the source site using linear (body mass) and generalized linear models 174 
fit with the brms R package (Bürkner, 2018). Differences in egg mass size between sites were 175 
assessed using a generalized linear model with a negative binomial distribution, while embryo 176 




In 2019, wood frog toe clips were collected from adults at each study site. The sample set 178 
consisted of 18 individuals from Blacklick Woods, 19 individuals from Clear Creek, and 21 179 
individuals from Sharon Woods. DNA was extracted from tissue samples following 180 
manufacturer protocol for the DNeasy blood and tissue kit (Qiagen, Hilden, Germany). 3RAD 181 
library preparation and sequencing was performed by Tangled Bank Conservation (Ashville, 182 
North Carolina).  3RAD, a refinement of RAD (Restriction site Associated DNA) sequencing is 183 
a reduced representation sequencing approach that allows for consistent and efficient population-184 
scale genotyping of shared markers (Davey et al., 2013; Bayona-Vásquez et al., 2019). The cut 185 
site enzymes used were BamHI and MspI, as well as the adapter dimer cutting enzyme ClaI. 186 
Fragments were barcoded and sequenced on an Illumina platform. 187 
Demultiplexing and de novo sequence assembly with minimal filtering was performed by 188 
Tangled Bank Conservation with ipyrad (Eaton & Overcast, 2020). We then imported VCF-189 
format data into R using the package pegas (Paradis, 2010). We converted the data from a VCF 190 
format to a genlight format with the package vcfR (Knaus & Grünwald, 2017).  Post-assembly 191 
iterative filtering of loci (focusing on loci present in the Clear Creek source population) and 192 
individuals was performed in R with adagenet (Jombart et al., 2008). As the reintroductions 193 
occurred within 6-12 generations (Dodd), genetic variation present in the relocated populations is 194 
likely to be a subset of the variation in the source population. Therefore, variation observed in 195 
the reintroduced populations is likely to also exist in the source population, but may not 196 
necessarily appear in our dataset due to random absence from the individuals we sampled or low 197 
sequencing coverage. Loci sampled in the source population are thus more informative for our 198 




We calculated basic population genetics statistics for the filtered dataset with the dartR 200 
package (Gruber et al., 2018). With adegenet’s Hs.test function, we used a Monte-Carlo test with 201 
999 replicates to individually assess whether gene diversity in either reintroduced population was 202 
significantly lower than gene diversity in Clear Creek. We calculated pairwise Fst in the package 203 
StAMPP (Pembelton et al., 2013) with 999 bootstraps. We obtained bootstrapped 95% 204 
confidence intervals for Fis with the boot.ppfis function in hierfstat (Goudet & Jombart, 2020). 205 
DAPC cross-validation and analysis was performed with the adagenet package following the 206 
publisher’s tutorial accessible with the R command adegenetTutorial("dapc").  207 
Results 208 
The average mass of adult male frogs was 13.7 g (Standard Deviation = 1.31) at 209 
Blacklick Woods, 13.0 g (SD = 1.95) at Sharon Woods, and 12.6 g (SD = 1.21) at Clear Creek 210 
(Fig. 3). The Blacklick Woods adult male frogs were unequivocally larger than Clear Creek male 211 
frogs (Mean difference = 1.1g, 95% CRI = 0.11 to 2.05). There was less difference between male 212 
frogs from Sharon Woods and Clear Creek (Mean difference = 0.43g, 95% CRI = -1.37 to 0.51), 213 
but 82% of Sharon Woods’ frogs were predicted to be larger. Male frogs from Blacklick Woods 214 
were also predominantly larger (92% probability) than males from Sharon Woods mean mass 215 
was 0.68g greater than Sharon Woods’ (Mean difference = 0.68g, 95% CRI = -0.27 to 1.61g). 216 
At Blacklick Woods, we first sampled all 17 egg masses within one vernal pool, all of 217 
which contained less than 500 eggs per mass. We then sampled 8 egg masses from out of over 50 218 
from another vernal pool, all of which contained over 900 eggs per mass. Because all egg masses 219 
sampled from that one vernal pool contained over 900 eggs, we determine them to be 220 




masses containing less than 500 eggs within the other sites (Fig. 4 and 5). The coefficient of 222 
variance calculated for Blacklick Woods was 0.78, while it was 0.16 for Sharon Woods and 0.16 223 
for Clear Creek. The observations of these small clutches may be due to females splitting egg 224 
masses and depositing eggs into two or more separate, smaller masses (Herreid & Kinney, 1967; 225 
Davis & Folkertz, 1986). We considered the egg masses from Blacklick Woods that contained 226 
less than 500 eggs to be outliers and not representative of a single female’s total reproductive 227 
output (Fig. 5). We instead make the assumption that the average of the larger egg masses is 228 
representative of Blacklick Woods’ female’s total reproductive output. Thus, we provide 229 
analyses with only the large Blacklick Woods egg masses (those containing over 900 eggs). 230 
Excluding masses containing less than 500 eggs, the mean Blacklick Woods egg mass 231 
contained 1,034 eggs (Range = 912–1148, SD = 88.3, Fig. 6). The mean Sharon Woods egg 232 
mass contained 796 eggs (Range = 526–1123, SD = 123) and the mean Clear Creek egg mass 233 
contained 757 eggs (Range = 525–982, SD = 118, Fig. 6). Blacklick Woods egg masses were 234 
larger than the Clear Creek egg masses by an average of 269 eggs (95% CRI = 137 to 114), and 235 
larger than Sharon Woods egg masses by an average of 242 eggs (95% CRI = 109 to 394). The 236 
Sharon Woods egg masses contained similar numbers of eggs as masses from Clear Creek (mean 237 
difference = 36 eggs, 95% CRI = -92 to 40), but are predicted to be larger 79% of the time.  238 
The mean embryo non-viability rate was 24% at Blacklick Woods (Range = 1 – 64%; SD 239 
= 19%), 20% at Sharon Woods (Range = 2 – 43%; SD = 14%), and 11% at Clear Creek (Range 240 
= 2 – 50%; SD = 12%, Fig. 7). Our fitted model indicates that the embryo non-viability rate at 241 
Blacklick Woods was significantly higher than either Clear Creek (2.1x higher; CRI = 1.96 to 242 




rate at Sharon Woods was also significantly greater than the rate estimated for Clear Creek (1.8x 244 
higher; CRI = 1.32 to 1.43x higher).  245 
The full assembled dataset consisted of 250,909 SNPs in 58 individuals: 18 from 246 
Blacklick Woods, 19 from Clear Creek, and 21 from Sharon Woods. Due to low representation 247 
of loci across individuals, iterative filtering produced a final dataset of 1,300 loci retained and 16 248 
individuals from Blacklick Woods, 10 from Clear Creek, and 17 from Sharon Wood. This 249 
dataset represents a tradeoff between missingness in individuals and retention of a sufficiently 250 
large sample size of loci and individuals. 251 
The gene diversity in Blacklick Woods is not significantly less than in Clear Creek (p-252 
value = 0.344). The gene diversity in Sharon Woods is also not significantly less than in Clear 253 
Creek (p-value = 0.948). Observed gene diversities in all populations are roughly similar (0.110, 254 
0.117 and 0.134 for BW, CC, and SW, respectively, Table 1).  255 
Observed heterozygosity is consistently lower than expected heterozygosity for all 256 
populations, and observed heterozygosity is similar across all populations (Table 1). There is a 257 
lower percentage of loci out of Hardy-Weinberg equilibrium in the Clear Creek population than 258 
either of the reintroduced populations (0.54% at Clear Creek, 3.85% at Blacklick Woods, and 259 
4.54% at Sharon Woods, Table 1). The inbreeding coefficient Fis is similar in all three 260 
populations with bootstrapped 95% confidence intervals overlapping for all three populations 261 
(C.I. = (0.2391, 0.3377) for BW, (0.2385, 0.3371) for CC and (0.2165, 0.2877) for SW)).  262 
Blacklick Woods was significantly genetically differentiated from both Clear Creek and 263 




0.04, p-value < 0.001) but Sharon Woods and Clear Creek were not significantly differentiated 265 
(Pairwise Fst = 0.0074, p-value = 0.143). 266 
DAPC cross-validation suggested that retaining 14 PCs optimizes prediction success of 267 
individual assignments to populations. The DAPC plot with 14 PCs shows some clustering of 268 
individuals by population but with notable overlap in geometric space between populations (Fig. 269 
8). There is a higher degree of geometric spatial overlap between Clear Creek and Sharon Woods 270 
than between Blacklick Woods and either of the other populations in the DAPC plot. 271 
Discussion 272 
Our results indicate that wood frogs at the reintroduced sites (Sharon Woods Metro Park 273 
and Blacklick Woods Metro Park) are heavier in mass, produce larger egg masses, and have 274 
higher embryo non-viability rates than their source population (Clear Creek Metro Park). This 275 
provides strong evidence that life history traits may experience consequences of translocation 276 
efforts. The deviation in life history traits from the source population is especially notable within 277 
Blacklick Woods, the reintroduced population of lower resulting size, as all three parameters 278 
were distinct from the source population. In contrast, the only parameter that differed 279 
significantly between Sharon Woods and Clear Creek was embryo viability. 280 
Neither the bottleneck event associated with reintroduction nor subsequent stochastic 281 
reductions in population size in the reintroduced populations have had a significant effect on 282 
gene diversity.  For all populations, observed heterozygosity is lower than expected 283 
heterozygosity, which may be attributable to inbreeding (Keller & Waller, 2002). However, 284 




again suggesting that bottleneck events and differences in effective population size have not had 286 
a substantial effect on population genetics. 287 
Discriminant Analysis of Principal Components (DAPC) clusters individuals somewhat 288 
within their populations, but with notable overlap. Pairwise Fst suggests that Clear Creek and 289 
Sharon Woods are not significantly genetically differentiated from each other, while Blacklick 290 
Woods is differentiated from both. The higher degree of genetic similarity between Clear Creek 291 
and Sharon Woods may reflect their greater similarity in demographic trends and larger 292 
population size. Blacklick Woods is somewhat more differentiated, likely owing to its divergent 293 
demographic trends, but the population still clusters in close proximity to the other two 294 
populations. Combined with the conclusions of little differentiation from the above genetic 295 
statistics, the overall trend is one of broad similarity between populations, with some fine-scale 296 
differentiation in association with demography.  297 
Evidence for population differences appears stronger for life history trait variation than 298 
for population genetics. The variation among these life history parameters may be explained 299 
largely by site differences, including, but not limited to, location, size, degree of isolation, 300 
succession, disturbance history, forest type, and hydraulics. Any of these differences in site 301 
characteristics may have an effect on demographic traits, survival, or carrying capacity. The 302 
amount of available habitat area is likely the biggest factor contributing to limits on population 303 
size. However, the dynamics among the reintroduced vs. source populations are only one factor 304 
that may contribute to differences between populations, and it is difficult to differentiate effects 305 
of reintroduction from effects of site differences without further experimentation. We provide 306 




Life history trait and genetic variation may also be partially resultant from the population 308 
bottleneck associated with a translocation; as a small sample of the original population becomes 309 
isolated, the genetic variation is reduced, and the effects of genetic drift are amplified. 310 
Reintroduction attempts can impose both genetic and demographic bottlenecks on newly 311 
established populations (Keller & Waller, 2002; Jamieson et al., 2007). Dramatically reducing 312 
standing genetic variation may reduce the long-term fitness of a population by decreasing 313 
adaptive potential and disease resistance while increasing the prevalence of physiological issues, 314 
thus threatening the viability of newly established populations (Spielman et al., 2004; Allentoft 315 
& O’Brien, 2010). Inbreeding can cause harmful mutations that are typically segregated to 316 
recombine and manifest as a recessive disease or deleterious mutation (Wang et al., 1999; Keller 317 
& Waller, 2002). As a result, low genetic variation can contribute to an extinction vortex when 318 
population size is minimal (Reed & Frankham, 2003; Blomqvist et al., 2010), especially if the 319 
population is established in an isolated region and thus unable to be “rescued” by recruitment 320 
from other populations (Reed, 2004).  321 
The bottleneck impacting wood frogs in this study is extreme, as the Blacklick Woods 322 
population was reduced to as few as nine breeding pairs in 2014 and remained at a low 323 
population, while the population in Sharon Woods dropped dramatically several times. Despite 324 
the known founder event and subsequent population fluctuations, the genetic diversity, as 325 
measured through our SNP data, does not indicate loss of genetic diversity or an increase in 326 
inbreeding in the reintroduced populations. This is promising for the persistence of the 327 
reintroduced study populations, as it suggests the aforementioned issues sometimes associated 328 




Pairwise Fst suggests Blacklick Woods is significantly genetically differentiated from the 330 
other two populations, which are not differentiated from each other. DAPC shows a finer-scale 331 
clustering of individuals within their respective populations, but with Clear Creek and Sharon 332 
Woods sharing more overlap than Blacklick Woods does with either of them. This follows the 333 
logic that the more drastic population bottleneck following reintroduction and sustained smaller 334 
population size in Blacklick Woods has led to a greater degree of genetic differentiation. The 335 
observation of fewer loci out of Hardy-Weinberg equilibrium at Clear Creek is unsurprising as 336 
well, given its much larger population size than either reintroduced population and the 337 
association of Hardy-Weinberg equilibrium with large population size (Mayo, 2008). These 338 
findings in the absence of significant differences in genetic diversity or inbreeding suggest that 339 
genetic consequences from the reintroductions did occur, but were not severe enough to result in 340 
changes to the parameters associated with concern for population persistence.  341 
Embryo non-viability showed the starkest contrast between source and reintroduced 342 
populations. Typical non-viability rates in wood frog eggs are reported to be <10%, although it is 343 
not widely assessed and may be variable (Herreid & Kinney, 1967; Porter, 1969; Seigel, 1983; 344 
Corn & Livo, 1989; Gomez-Mestre et al., 2006). High embryo mortality in anurans has been 345 
linked to several abiotic factors. Low pH of vernal pools, temperature, and high UV-B exposure 346 
have all been documented to increase embryo mortality (Herreid & Kinney, 1967; Freda, 1987; 347 
Kiesecker et al., 2001). The presence of pathogens like fungus can also decrease survival of 348 
embryos (Blaustein et al., 1994; Gomez-Mestre et al., 2006; Haislip et al., 2011; Hall et al., 349 
2020). Amphibians may be more susceptible to pathogens when under stress, such as poor 350 
environmental conditions, and stress on a population may result in outbreaks (Blaustein et al., 351 




abiotic factors such as poor water quality or disease (Armbruster & Reed, 2005; Smallbone et al., 353 
2016). Ficetola et al. (2007) and Okamiya and Kusano (2018) documented a significant 354 
correlation between inbreeding and embryo mortality in isolated amphibian populations, and 355 
correlations between inbreeding and hatching success has been documented in several studies of 356 
inbred bird populations (e.g., Daniels & Walters, 2000; Briskie & Macintosh, 2004; Jamieson et 357 
al., 2006). Other studies have also noted high embryo mortality accompanying inbreeding (e.g., 358 
Richter & Nunziata, 2014; Michaelides et al., 2016). A more likely possibility is that these 359 
embryos were never fertilized. This could have been the result of reproductive incompatibility or 360 
poor sperm quality (Hinkson & Poo, 2020). Infertility issues could be linked to and manifested 361 
from inbreeding or genetic drift (Ruiz-Lopez et al., 2010; Hinkson & Poo, 2020). Additionally, 362 
low water temperatures can reduce fertilization success by decreasing sperm motility (Herreid & 363 
Kinney, 1967). 364 
The observation of small egg masses at Blacklick Woods could have been due to females 365 
splitting masses; that is, a female not depositing all of her eggs at once into a single mass, but 366 
distributing them across multiple, smaller masses. This has been observed to occur in wood frogs 367 
by Herreid and Kinney (1967) and Davis and Folkertz (1986), but to our knowledge has not 368 
otherwise been documented, nor do we know the mechanism behind it. If this is the case and 369 
Blacklick’s wood frogs are splitting egg masses, their breeding population may be much smaller 370 
than previously estimated. This could raise some speculation as to whether egg mass surveys are 371 
an accurate estimate of breeding population size. This was only observed in one of the vernal 372 
pools within Blacklick, but considering that wood frogs return to the same vernal pool they were 373 




different behavior from frogs in another. We make the assumption that the larger egg masses are 375 
representative of Blacklick Woods’ female wood frogs’ total reproductive output. 376 
An explanation for the variation in body size and egg mass sizes is phenotypic plasticity 377 
in response to density-dependent resource availability. Lower population density results in 378 
reduced intraspecific competition, which could allow individuals to have greater mass as adults, 379 
and larger females tend to produce bigger egg masses (Berven, 1982; Berven, 1990; Berven, 380 
2009). Harper and Semlitsch (2007) observed the average mass of wood frogs after one year to 381 
be nearly threefold higher when raised in lower densities. A Berven (2009) study on density 382 
dependence in wood frogs revealed that at a lower juvenile population size, females were larger 383 
at first reproduction and produced larger egg masses. Blacklick Woods contained the lowest 384 
population density, which may have produced larger frogs yielding larger egg masses. The 385 
Sharon Woods population had a much higher density, which would explain its similarity to Clear 386 
Creek in those parameters.  387 
Additionally, larger adult mass and egg mass sizes at Blacklick Woods and Sharon 388 
Woods may demonstrate microevolution. As female body size and egg mass size are positively 389 
correlated for some anurans, as are yearly average male and female body size, (Green, 2015), a 390 
genetic component to variation in adult size may be selected for. These larger frogs would 391 
contribute disproportionately to the gene pool, with directional selection resulting in a larger 392 
average adult size. In smaller populations, selection may act more rapidly because each 393 
individual constitutes a larger portion of the population, so their genetic contribution through 394 




explain why Blacklick Woods had a greater increase in adult mass and egg mass sizes in 396 
comparison to the source population, as Blacklick Woods had a lower population size.  397 
These reintroduced populations are of very few documented amphibian translocations to 398 
have succeeded and persisted long term. Not only is it important to re-establish a lost species to 399 
an ecosystem, but the information these reintroduction efforts provide can be learned from to 400 
improve the success of future translocation attempts (Sarrazin & Barbault, 1996; Runge, 2013). 401 
While we expected to see decreased genetic variation in the reintroduced populations, our results 402 
do not suggest that this is the case, which is promising for future reintroductions of amphibians. 403 
Our results do suggest that reintroduction by translocation can directly impact life history traits. 404 
A way to combat this dilemma as a consideration for future translocations is to continuously 405 
supplement the population over time with additional translocations as the population stabilizes 406 
(Johnson & Dunn, 2006), although care should be taken to prevent outbreeding depression 407 
(Sagvik et al., 2005). Reintroductions may require continuous management and monitoring in 408 
order to see success in the long term (Ewen & Armstrong, 2007; Heezik et al., 2009; Buk et al., 409 
2018). Lack of long-term monitoring has been an issue with past translocation efforts, but it is a 410 
necessity to prevent any adverse outcomes, in addition to promoting and assessing the success of 411 
a translocation (Griffith et al., 1989; Seddon, 1999; Dodd & Seigal, 1991; Seigal & Dodd, 2002; 412 
Heezik et al., 2009; Germano & Bishop, 2009).  413 
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Figure 1. Maps depicting the land cover type and locations of all three sites. a) Location of all 633 
three sites relative to Columbus, Ohio, b) Sharon Woods Metro Park, c) Blacklick Woods Metro 634 





Figure 2. Yearly egg mass surveys from 2006 to 2020 within Blacklick Woods Metro Parks and 637 
Sharon Woods Metro Park. The area shaded in grey are the initial translocated egg masses 638 
during 2006 and 2007. The years following are egg masses from natural breeding within the 639 
site. The white box in 2018 shows the estimated number of egg masses had they not 640 
presumably been split. The red lines indicate the average number of egg masses within each 641 










Figure 4. The amount of egg masses containing varying amounts of eggs, among all sites, 646 
including the masses containing less than 500 eggs at Blacklick Woods. 647 
 648 
Figure 5. The variation among egg mass sizes within each site, including the egg masses at 649 







Figure 6. The mean number of eggs per mass within each site, excluding the egg masses 654 






Figure 7. The mean embryo non-viability rate within egg masses among each site. 658 
 659 






Figure 8. Discriminant Analysis of Principal Components (DAPC) of population genetic data, 663 
with 14 PCs retained. Clear Creek and Sharon Woods share more overlap, indicating higher 664 
genetic similarity. Blacklick Woods is slightly more differentiated but still shows close genetic 665 
similarity to the other populations. 666 
